This study assesses the value of restoring forested wetlands via the U.S. government's Wetlands Reserve Program (WRP) in the Mississippi Alluvial Valley by quantifying and monetizing ecosystem services. The three focal services are greenhouse gas (GHG) mitigation, nitrogen mitigation, and waterfowl recreation. Site-and region-level measurements of these ecosystem services are combined with process models to quantify their production on agricultural land, which serves as the baseline, and on restored wetlands. We adjust and transform these measures into per-hectare, valuation-ready units and monetize them with prices from emerging ecosystem markets and the environmental economics literature. By valuing three of the many ecosystem services produced, we generate lower bound estimates for the total ecosystem value of the wetlands restoration. Social welfare value is found to be between $1435 and $1486/ha/year, with GHG mitigation valued in the range of $171 to $222, nitrogen mitigation at $1248, and waterfowl recreation at $16. Limited to existing markets, the estimate for annual market value is merely $70/ha, but when fully accounting for potential markets, this estimate rises to $1035/ha. The estimated social value surpasses the public expenditure or social cost of wetlands restoration in only 1 year, indicating that the return on public investment is very attractive for the WRP. Moreover, the potential market value is substantially greater than landowner opportunity costs, showing that payments to private landowners to restore wetlands could also be profitable for individual landowners.
Introduction
Ecosystem services, a collective term for the goods and services produced by ecosystems that benefit humankind, have traditionally been undervalued as they often fall outside of conventional markets (NRC, 2005) . Without market prices, the incentive to provide them privately has been low relative to competing land uses, such as crops or timber. Reinforcing this notion, the Millennium Ecosystem Assessment reported that about 60% of global ecosystem services are being degraded or used unsustainably (MEA, 2005) . Increasingly, society is recognizing the essential link between healthy ecosystems and human welfare and seeks ways to increase the provision of ecosystem services.
In recent decades, U.S. agricultural policy has implemented programs that offer financial incentives to private landowners to spur restoration of natural habitat and its attendant ecosystem services. A younger sibling of the Conservation Reserve Program (CRP), the Wetlands Reserve Program (WRP) focuses specifically on the restoration, protection, and enhancement of wetlands on private land through strategic public payments to landowners as well as increased collaboration between landowners and government agencies. Originally authorized in 1985, the acreage cap for WRP was expanded to 2.275 million acres in the 2002 Farm Security and Rural Investment Bill (USDA-NRCS, 2007) .
This study focuses on the restoration of wetland ecosystem services in the Mississippi Alluvial Valley (MAV), the floodplain area below the confluence of the Mississippi and Ohio Rivers and principally located in the states of Arkansas, Mississippi, and Louisiana. These are the top three states in terms of WRP enrollment (USDA-NRCS, 2007) . Once containing nearly 10 million hectares (Mha) of bottomland hardwood forest, the MAV had only 2.8 Mha remaining by the 1980s following many decades of hydrological alteration and agricultural expansion (King et al., 2006) . The major land use of the region is now agriculture, dominated by cultivation of corn, cotton, rice, and soybeans (USDA-NASS, 2009 ). This landscape transformation has had profound ecological consequences, such as wildlife habitat loss and fragmentation, loss of flood storage, and water quality degradation due to nonpoint source runoff.
Due to human impact on ecosystems, efforts to maintain and restore ecosystems require an improved understanding of how humans benefit from ecosystems as well as how human behavior can be influenced through conservation payments and other policy tools (Heal, 2000; Kramer, 2007) . As a growing body of research examines ecosystem services and their valuation, government agencies are searching for ways to incentivize the provision of those services (Ricketts et al., 2004; Barbier, 2007; US EPA, 2002) . Economists have been measuring ecosystem service values for years; for example, as part of legal proceedings to assess and assign natural resource damages from oil spills and other environmental accidents (Carson et al., 1994; NRC, 2005) . Enthusiasm for ecosystem services, however, expanded to the broader scientific and policy community due in part to two widely influential works published in 1997 by Daily (1997) and Costanza et al. (1997) . The Costanza et al. article sought to estimate the economic value of earth's ecosystems in their entirety. Most economists since then have followed the counsel of Toman (1998) to focus on valuing changes in specific ecosystem service flows, as does this paper.
Two recent articles have conducted statistical meta-analyses of wetland valuation studies, using wetland value per unit area as the dependent variable. Updated to 2008 U.S. dollars, the Woodward and Wui (2001) found a mean annual value per hectare of $567 among its constituent studies, whereas Brander et al. (2006) computed a mean of over $4000/ha/year with a median of $215. Out of all the individual wetland services, only bird watching (Woodward and Wui) had a statistically significant and positive effect on the value of wetlands providing that service. Neither study reported GHG mitigation as a service.
Several studies have examined the participation in or benefits resulting from federal programs, such as CRP and WRP. Feather and Hellerstein (1997) evaluated the national benefits of reduced soil erosion for recreation and found that 11% or about $40 million, of those benefits are attributable to the CRP. Ahearn et al. (2006) reported a conservative non-use value of $33 million per year for increases in Central Plains grassland bird populations due to the CRP. Anderson and Parkhurst (2004) considered farmers' decisions to continue commodity crop production or to enroll in the WRP in the delta region of Mississippi and found that land was more likely to go into WRP if it had a lower return crop base and had considerable recreational value.
Given that the effectiveness of the WRP in achieving its restoration goals in the MAV is unknown, this study aims to assess the value to society of actions to restore wetlands there. This objective is accomplished primarily by comparing the economic values of ecosystem services produced on two land use types, cropland and restored wetlands. Constructing values from the bottom up, this study exploits a unique link between field data, process models, and economic valuation. Although the flows of ecosystem services are myriad, we select three focal services: GHG mitigation, nitrogen mitigation, and waterfowl recreation, each representing positive externalities from wetlands at different geographical scales-global, regional, and local, respectively. Furthermore, out of the services measured, these three services are those most likely to see markets developed for them (or to already have a market). By providing empirical measures of service flows and values for an important ecosystem, the findings of this analysis can provide valuable input into public and private decision making on natural resource management, including an assessment of the impact of the WRP.
Background

Study Area
The Mississippi Alluvial Valley (MAV) is the largest floodplain in the U.S., extending from below the confluence of the Mississippi and Ohio Rivers to southern Louisiana (Fig. 1) . About three-quarters of the original bottomland hardwood forests have been converted, principally to row crop agriculture, while the remaining quarter is fragmented into over 38,000 discrete patches larger than 2 ha in size (Twedt and Loesch, 1999) . The study area encompasses all of the counties that intersect with the MAV, save for those in Louisiana bordering the Gulf of Mexico.
Benefit Valuation Process
There are three essential steps in the ecosystem service valuation sequence: (1) identify the service, (2) quantify the service flows, and (3) monetize those flows. Disciplines that assess biophysical processes, such as ecology, biogeochemistry, and hydrology, play the central role in moving from identification to quantification, while economics provides the link from service quantification to monetization. The conceptual model of ecosystem service valuation used in this study is explained in Murray et al. (2009) . Critical to bridging the biophysical and human aspects of ecosystem services is to transform the service flow data into valuation-ready measures. This transformation may involve integrating field observations with existing process models as well as modeling the service through time. We standardize the service measures into per-hectare values to facilitate comparisons with economic returns from other land uses and the aggregation of benefits at broader scales.
Because valuation needs are more abundant than the time and resources to develop them, benefit transfer methods apply results from previous primary research to new contexts (Rosenberger and Loomis, 2003 ). An accurate benefit transfer requires that the original study site be comparable to the targeted policy site with respect to the ecosystem service definition, the market context, and the welfare measure employed (Loomis and Rosenberger, 2006) or that the transferred value can be adjusted to reflect important differences between sites (e.g., using a value transfer). Using benefit transfer (Wilson and Hoehn, 2006) , we multiply biophysical values for services of interest by shadow prices for the services. These shadow prices are obtained either through market price observations or from estimates of the service's benefits or costs from the environmental economics literature. To better inform public and private conservation decisions, this study also exploits the important dichotomy in economic values between social welfare value and market value. The first represents the economic value to society of the flow of ecosystem services and can be used in social benefit-cost analyses of public policies or programs. Market value embodies what landowners can capture through the market system and can be used to inform the design of landowner incentive programs for ecosystem protection or for the development of new markets for ecosystem services.
Agricultural land use is treated as the baseline activity in this analysis, since it represents the dominant land use in the MAV and thus business-as-usual prior to restoration. Seeking to value the action of restoring forested wetlands on cropland, we capture this economic value by calculating the difference in the values of ecosystem services provided by the two respective land use types.
Biophysical Measurement of Ecosystem Service Flows
Scientists at the USGS National Wetlands Research Center carried out the data collection for this study as part of the wetlands component of Conservation Effects Assessment Project's (CEAP) National Assessment (Faulkner et al., 2008) . Initiated in 2003, CEAP is a multi-agency effort to evaluate the effectiveness of conservation practices used by private landowners participating in selected USDA conservation programs (Duriancik et al., 2008) . The wetlands component of the National Assessment measures the effects of conservation practices on ecosystem services provided by wetlands in agricultural landscapes and is being conducted in eleven regions throughout the coterminous U.S. These regional assessments will focus on one or more wetland hydrogeomorphic classes common to agricultural land in that region.
For the CEAP-Wetlands study in the MAV, a stratified random sampling design was used in the Lower White-Cache (AR) and Tensas (LA) river basins where eight replicate sites were selected for each of three treatments: restored to forested wetlands under the WRP, active cropland, and natural forested wetland. These sites are representative of the variability on the landscape and add up to 48 sites in total, 16 each of cropland, WRP, and natural forest. Site-level field data were collected in 2006 and 2007 for the following ecosystem services: carbon sequestration, nutrient retention, sediment retention, and amphibian and neotropical migrant bird species richness. In addition, a region-level assessment of waterfowl habitat was performed (for more detail, see Murray et al., 2009 ).
Ecosystem Service Valuation: Methods and Results
Greenhouse Gas (GHG) Mitigation
Converting land from croplands to forested wetlands can affect the GHG balance in the atmosphere in several ways. First, carbon dioxide (CO 2 ), the most prevalent GHG, is removed from the atmosphere via photosynthesis and is sequestered in forest biomass and soils at levels typically well above the sequestration rate for crop systems. This creates a net carbon sink and reduces GHG concentrations, all else being equal.
Second, crop production can be a significant source of non-CO 2 trace GHGs such as nitrous oxide (N 2 O) and methane (CH 4 ), gases that are individually more potent than CO 2 . Thus, discontinuation of agricultural practices reduces these emissions from the site. However, the anaerobic conditions of wetlands are ideal for the creation of methane and nitrous oxide and thus conversion can increase emissions accordingly. The net balance is determined by site conditions, as discussed below. Following that is the description of the process of converting GHG biophysical measures to monetary values.
Carbon Sequestration
The biophysical data collected by the CEAP research team for this service are point estimates of aboveground and soil carbon in metric tons of carbon per hectare in the first few years after restoration. Because carbon accumulation in ecosystems is a dynamic process, these point estimate snapshots need to be transformed into GHG flux over time in order to be properly monetized. Carbon accumulation growth is tracked in three carbon pools-soil, live biomass, and other non-soil-and is projected for the future employing two different process models. (Smith et al., 2006) . To use the FORCARB2 soil model, WRP land in the MAV is proxied by afforested oak-gum-cypress forest in the south-central U.S. The growth paths are traced out in 5-year time steps for 90 years from the initial year of restoration. Soil organic carbon at WRP sites is assumed to follow the same growth path as reported in the FORCARB2 lookup tables, though the beginning value is that provided by the CEAP field data. At the agricultural sites, the initial soil carbon values come directly from the agricultural sites paired with the WRP sites in Arkansas and Louisiana. Conventional tillage is the assumed agricultural practice. In contrast to the WRP sites, agricultural soil carbon levels tend to gradually decrease over time as carbon is oxidized and released into the atmosphere as a result of crop production (Potter et al., 2006a) . A 2006 NRCS study simulates the change in soil carbon content for agricultural lands over a 30-year time period with the Environmental Policy Integrated Climate (EPIC) model (Williams et al., 1989; Potter et al., 2006b) . The analysis provides soil organic carbon estimates, as well as those for soil and nutrient losses, by region and by crop type.
MAV-specific estimates for other carbon found in standing dead, understory, and forest floor (i.e., not found in live trees) are currently unavailable, so we utilize the USFS FORCARB2 tables as the best available source. Growth in carbon in those pools is projected in the same way as described above for the WRP soil organic carbon.
Live Biomass Carbon.
Live biomass carbon represents carbon stored in trees, both aboveground (i.e., trunks and branches) and belowground (i.e., coarse roots). Across the WRP sites, which had been planted between 4 and 12 years prior to sampling, live biomass carbon measurements average 2.70 Mg/ha in Arkansas (1.69-6.33 Mg/ha range) and 3.06 Mg/ha in Louisiana (1.79-5.71 Mg/ha range).
Of the carbon pools, the majority of carbon sequestration potential resides in the growth of live biomass carbon through time, increasing from 72% at year 10 to over 86% in year 90 according to the USFS FORCARB2 tables (Smith et al., 2006) . We estimate the carbon accumulation flows of this pool using the growth function from Shoch et al. (2009) , who examined the carbon sequestration potential of bottomland hardwood afforestation in the MAV. The authors produced a chronosequence of even-aged plantations and naturally regenerated stands and statistically estimated a growth path that is markedly greater for years 20 to 90 than that derived from the USFS FORCARB2 tables for afforested oak-gum-cypress stands (Smith et al., 2006) . This substantial difference between Shoch et al. (2009) and FORCARB2 is neither surprising nor a criticism of the FORCARB2, which is clearly defined as a model with large regional resolution. The estimated growth curve from Shoch et al. is specific to the MAV and is thus more apt for our study than the FORCARB2 tables, whose estimates are for the south-central region in general. Dominated by bottomland red oaks, stem plantings in the WRP sites are very similar in species composition to the plantations surveyed by Shoch et al., further validating the use of their growth function. The CEAP field data for live biomass carbon falls approximately within the 95% confidence interval of and well within the prediction interval of the total live tree biomass carbon growth curve generated by Shoch et al. Therefore, it is appropriate to project future live tree carbon accumulation for the WRP sites with the Shoch et al. growth function.
In Fig. 2 , the carbon accumulation curve is depicted, with each major carbon pool represented by a different colored area. Carbon flux (MgC/ha/time period) is the net change of carbon on the site from one period to the next so that positive carbon flux represents new carbon stored in addition to the existing carbon stock. This is the service flow of interest as it directly relates to the removal of CO 2 from the atmosphere, which provides the climate stabilization benefit. Flux often varies through time following the growth rate of the vegetation and soil carbon storage. The projected carbon flux for the WRP sites is represented by the dark line with diamonds in Fig. 2 . Agricultural sites (not shown here) have a slightly negative carbon flux, since soil carbon declines gradually from soil oxidation associated with crop production (Potter et al. 2006a ) and the majority of crop biomass grown each year is removed from the land. Once the carbon fluxes for total site carbon have been calculated for the agriculture and WRP sites, we then convert them into units of carbon dioxide equivalents (CO 2 e) by multiplying by 3.67, carbon's global warming potential (GWP). CO 2 e is the currency in which carbon service flows are monetized.
Non-CO 2 GHG Emissions
The last step in quantifying the GHG sequestration potential is to account for the effect of emissions of trace GHGs, methane (CH 4 ) and nitrous oxide (N 2 O). They have GWPs much greater than CO 2 itself: 25 for CH 4 and 298 for N 2 O for a 100-year time horizon (IPCC, 2007) . Both crop and wetland sites are net sources of CH 4 and N 2 O emissions, though of different magnitudes. Accordingly, site N 2 O and CH 4 fluxes are converted to their CO 2 equivalents using their GWPs and are then deducted from the CO 2 flux to determine the net GHG flux (MgCO 2 e/ ha/year).
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For the agricultural sites in the region, CH 4 is emitted through rice production and residue burning and N 2 O is emitted through the use of nitrogenous fertilizers and nitrogen fixation by soybeans. To find these GHG fluxes, we first determine the crop mixes for a representative agricultural hectare in the MAV for each state using data compiled by 1 The abbreviation Mg stands for megagram; 1 Mg is equivalent to 1 metric ton or 10 6 g. This paper uses Mg except in the context of the carbon credit trading market, in which the standard abbreviation tCO 2 e is used to refer to "metric tons of CO 2 equivalent." USDA National Agricultural Statistics Service (USDA-NASS, 2009 For both WRP and natural wetland sites, the levels of CH 4 and N 2 O emissions vary by landscape position, i.e., whether the site is located in a low-or high-elevation position. Low-elevation sites flood more frequently and for longer duration than high-elevation sites and thus will experience longer periods with anoxic conditions in the soil. This anoxia is a prerequisite for the processes of methanogenesis and denitrification to produce gaseous methane and convert nitrate into gaseous dinitrogen (N 2 ) and nitrous oxide (N 2 O) (Mitsch and Gosselink, 2007) . Since a goal of WRP is to remove frequently flooded, marginal croplands from commodity crop production, we estimate that approximately 80% of the WRP area is characterized as low elevation and the other 20% as high elevation. We multiply the CH 4 and N 2 O emission rates for each landscape position by the corresponding proportion (0.8/0.2) and generate a weighted average of CH 4 and N 2 O emissions for each 5-year increment between years 5 and 90 after the wetlands restoration. After converting to MgCO 2 equivalents, the mean CH 4 flux is −0.13 MgCO 2 e/ha/5 years and the mean N 2 O flux −2.02 Mg O 2 e/ha/5 years.
Total GHG Flux Change
Since a typical agricultural site candidate for restoration serves as the baseline, full GHG flux for restoring an hectare of wetland is the difference between the GHG fluxes for the average MAV agricultural sites and WRP sites. Fig. 3 shows these three flux streams over the 90-year study period. Agricultural sites function as sources of GHG emissions and have a negative flux value for mitigation purposes (see footnote 2). In contrast, WRP sites serve as net sinks, have a positive mitigation flux value, and sequester up to 82.2 Mg of new CO 2 per hectare per 5-year period. Although non-CO 2 GHG gases are emitted in restored wetlands, their contribution is easily offset and exceeded by the carbon sequestration of the growing wetland forests. The net GHG mitigation value of restoring wetlands ranges between 15.8 and 92.4 MgCO 2 e/ha/5 years, with the peak coming at 25 years after planting the tree seedlings.
Monetizing GHG Mitigation
The social welfare value of GHG mitigation captures the value of the damages avoided by mitigating the risks of climate change. This is typically estimated with the use of integrated assessment general equilibrium models to capture the social cost of carbon, or SCC. The IPCC Fourth Assessment Report (2007) reviews studies in the environmental economics literature that investigated the benefits of GHG mitigation and finds that mean estimates for SCC range from about $13/MgCO 2 to $17/MgCO 2 in 2008 US$. We use this range as the shadow prices for 1 Mg of GHG mitigated on our study sites.
The stream of total GHG flux per hectare is multiplied by the market and social value prices and then discounted back to the present with a 4% real discount rate. The present value of the GHG mitigation service is divided by the 90-year annuity factor to yield the annualized values per hectare that appear in Fig. 4 . The monetized net mitigation value is the difference between the WRP and agriculture sites, ranging from $171 to $222/ha/year for the social values.
Nitrogen Mitigation
Quantifying Nitrogen Service Flows
Nitrogen is a major nutrient in agricultural runoff strongly linked to water quality degradation, such as eutrophication (Carpenter et al., 1998) . In particular, increase in nitrogen loading to the Mississippi River is considered a principal cause of the hypoxic "dead zone" in the Gulf of Mexico (Goolsby and Battaglin, 2001 ). There are two principal ways in which wetlands restoration mitigates environmental damage from nitrogen releases: (1) forgone nitrogen (N) losses associated with runoff from crop cultivation and (2) removal of nitrate (NO 3 ) via denitrification.
When land is enrolled in a WRP easement, it is by definition taken out of agricultural production and thus the N losses driven by fertilizer application, fixation, and tilling cease. Because nitrate is the species of N most clearly correlated with the hypoxic zone size in the Gulf of Mexico, we focus on nitrate loading in our analysis (Mississippi River/ Gulf of Mexico Water Nutrient Task Force, 2007). We compute the nitrate prevented from entering the local waterways by applying average annual values for nitrate lost in surface-water runoff, in lateral subsurface flow, and in leachate (N kg/ha/year) from agricultural sites using output from the EPIC model (Potter et al. 2006b ). These EPIC model estimates are available by U.S. region and by primary crop type within each region (Potter et al. 2006a ). Knowing the counties in which the paired WRP and reference agricultural sites are located in the MAV but not their exact location due to privacy restrictions, we create representative crop sites for the MAV portion of each state with USDA data that details the crop mix for those counties (USDA-NASS, 2009). The nitrate loss estimates for each crop type are combined with the crop type proportions to produce total nitrate loss for a representative agricultural hectare in the MAV in that state. See Table 1 for an example calculation for Arkansas. Total nitrate ground-and surface-water losses for the MAV counties in Arkansas, Louisiana, and Mississippi are 39.9, 31.3, and 32.2 kg/ha/ year, respectively. Computed using the relative total hectares planted in crops in the MAV counties for each state, the weighted average of agriculture-related nitrate loss for the MAV is 36.2 kg/ha/year.
The second mitigation pathway is the removal of nitrate through the denitrification process, which is the primary N loss process in freshwater wetland ecosystems (Faulkner and Richardson, 1989; Mitsch et al., 2001) . The complex interactions of hydrology, soil type, Fig. 3 . Net greenhouse gas (GHG) mitigation from converting agricultural sites (AG) to WRP sites. nutrient loadings, and landscape position create the variability in specific ecosystem processes found in natural wetlands (even within a wetland type) and there is a wide range in reported nutrient retention rates due to differences in specific processes controlling those rates (Faulkner and Richardson, 1989; Reddy et al., 1999; Novak et al., 2004; Lowrance et al., 2006) . Reported denitrification rates in natural forested wetlands range from b1 to N800 kg N/ha/year (Mitsch et al., 2001; Lowrance et al., 2006) . In addition, there is evidence that restored forested wetlands have rates that change as the system ages and develops ecosystem characteristics more similar to forests than croplands (Hunter and Faulkner, 2001; Ullah and Faulkner, 2006a) . This variability makes it difficult to predict N retention rates for WRP sites through time. Denitrification potential (kg NO 3 /ha/year) was estimated with the denitrification enzyme assay (DEA) using field soil samples from both cropland and WRP CEAP sites. This denitrification potential approximates the rate at which nitrate is removed from the site. The DEA is a widely used approach (Groffman and Tiedje, 1989; Clement et al., 2002; Ullah and Faulkner, 2006a) . We also reviewed published denitrification rates and found several studies that were similar to the WRP and natural sites evaluated here (Peterjohn and Correll, 1984; Lowrance et al., 1984; Mitsch et al., 2001; Ullah and Faulkner, 2006a,b) .
In order to capture the future denitrification potential of the restored wetlands, we modeled the relationship between the ages of forested wetland stands and the denitrification rates using the CEAP WRP data; unpublished data from sites at Red River, Louisiana; and six point estimates from the literature. As can be seen in Fig. 5 , a log function fits the data well with a R 2 value of 0.7183. We use this curve to represent the age-dependent trajectory of denitrification through the 90-year study period at sites with a low landscape position. Since none of the published denitrification rates distinguish between lowand high-elevation sites in forested wetlands, we used experimental data which indicates that high-elevation sites display denitrification rates that are about 10% of those of low-elevation sites-low 28.8 kg N/ ha/year vs. high 2.88 kg N/ha/year (Faulkner, unpublished data) . Therefore, we assume that denitrification rates at high-elevation sites have the same trajectory as those at low-elevation sites, but with one-tenth of the value. Applying our assumption that 80% of the area of the WRP sites is low elevation and 20% is high elevation, we add together the proportional contribution of each site type to yield the combined nitrate mitigated each year via the denitrification process. Nitrogen losses from agricultural land are a nitrogen source to the waterway, i.e., they have a negative mitigation value, while denitrification is considered a nitrogen sink, keeping N from entering the waterway and generating a positive mitigation benefit. Since restoring a wetland on cropland precludes additional agriculture-related nitrate losses, those forgone losses are then seen as a positive mitigation value. We assume that forgone nitrate losses from crop production remain constant through the study period so that annual nitrate mitigated equals the forgone nitrate losses (36.2 kg N/ha/year) plus the current level of denitrification. Because the agricultural site functions as the baseline, the nitrogen eliminated through denitrification there must be netted out to arrive at the nitrate mitigated due to WRP wetlands restoration. It is assumed that the denitrification rate on cropland does not "mature" through time and so the constant mean value for the 16 CEAP agricultural sites, 1.69 kg N/ha/year, is subtracted annually. Fig. 6 depicts the curves of denitrification rates for WRP low, high, weighted average, as well as for agricultural sites; the nitrate losses associated with crop production; and the total nitrate mitigated. Total nitrate abatement is dominated by the cropland N loss pathway in the years immediately after a wetland restoration takes place. As the wetland grows, the contribution of denitrification to total nitrate mitigated rises from 10% at year 5 to nearly 50% by year 90. Total nitrate mitigated increases from about 36 kg N/ha/yr in the early years to almost 68 kg N/ha/year by the end of the study period.
Monetizing Nitrogen Mitigation
Nitrogen mitigation is monetized using a price estimated for the Delta region (Arkansas, Louisiana, and Mississippi) of the U.S. South in Ribaudo et al. (2005) . That study's results are selected for the benefit transfer because it is one of the few studies in the literature that produces a marginal price for nitrogen mitigation; moreover, its estimates are also specific to the MAV study area. Ribaudo et al. (2005) employ the U.S. Agricultural Sector Mathematical Programming (USMP) model to explore the potential for nitrogen credit trading in the entire Mississippi Basin by modeling the interaction Fig. 5 . Log function fitted between measured denitrification rate and stand age of forested wetlands. 3 We assume that the sampling mix of bottomland forest stands used in the Shoch et al. (2009) analysis that provides the carbon accumulation curve for the projected live biomass of afforested WRP sites in the present study (see Section 3.1.1.2) is consistent with this 80% low/20% high distribution. Fig. 6 . Nitrogen (N) flux accounting for MAV counties over the 90-year study period. DP is denitrification potential, WRP is the WRP sites, and AG is the agricultural sites. Wtd Avg is 80% low elevation, 20% high elevation. between agricultural nonpoint sources and wastewater treatment plant point sources mandated to reduce nitrogen emissions. In the model, farmers are able to provide nitrogen reduction credits via the following four methods: changing fertilizer application rates, changing production practices, growing different crops, or retiring cropland. Restoring wetlands is not included as a mitigation option because, in an earlier paper, Ribaudo et al. (2001) demonstrated that wetlands restoration is generally more expensive than fertilizer management and therefore a less attractive alternative for farmers. However, the cost of the alternative approaches does capture the avoided costs of achieving the given level of water quality improvements in another way when wetlands restoration is undertaken in the region, and thus provides a workable marginal value for wetland N mitigation outcomes.
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The cost of the marginal trade for the Delta region is estimated at $10.50/lb N, a result which we transform to $25.27/kg N by converting it to price per kilogram and then by inflating the price to 2008 dollars using the CPI Inflation Calculator (BLS, 2009).
5 For the dynamic model of nitrogen mitigation developed here, the monetization step follows the same process as applied to the GHG mitigation service. Each year the amount of total nitrogen abated is multiplied by $25.27/kg N. Next, the 90-year stream of N mitigation values are discounted back to the present using a 4% discount rate and then converted to an annualized value. The result is $1248/ha/year. A range of values for N mitigation is derived by using the lowest and highest N credit prices among all subregions in the Mississippi Basin generated by Ribaudo et al. (2005) . In Table 2 , the costs of a marginal N credit range from $22.82 to $106.09/ kg N and the interval of annualized values is between $1127 and $5240. The costs to mitigate nitrogen in the MAV are clearly at the low end of the range and may therefore represent a relatively conservative estimate for the valuation of nitrogen mitigation service. 
Social Value of Ecosystem Services: Partial Estimate
To generate a partial estimate for the ecosystem value of wetlands restoration, we combine the social value for waterfowl recreation with the results from the preceding two ecosystem services valuation applications (see Table 3 ). Regarding waterfowl recreation, when cropland is restored to wetlands, this means an increase in waterfowl habitat, which in turn implies augmented hunting opportunities for recreationists. Waterfowl hunter days were assumed to grow as habitat expands and we multiply the change in number of hunting days by a perday consumer surplus value taken from a meta-analytical study on outdoor recreation values conducted for the U.S. Forest Service (Rosenberger and Loomis, 2001) . This is worth $16/ha/year to waterfowl hunters (methods detailed in Murray et al., 2009 ). Although they were not monetized in this analysis, it can be assumed that floodwater storage, sediment retention, and other wildlife habitat services also possess positive economic values. Therefore, the social value estimated here, which ranges from $1435 to $1486/ha/year, is necessarily a lower bound on the full social value of restoring wetlands.
Market Value
The estimates in the section above are measures of social welfare value and are thus appropriate to use for social benefit-cost analysis to gauge the performance of public programs such as WRP. However, the emergence of ecosystem service markets raises the question of whether private markets can play a role in incentivizing socially beneficial landowner behavior. Thus, we turn to an assessment of market value with the potential to be captured by landowners in the region. 
GHG Mitigation
Market value for GHG mitigation is realized through the existence of carbon markets for GHG mitigation, wherein landowners can be compensated for sequestering carbon or reducing emissions below a baseline as part of an offset program in a cap-and-trade system. In 2008, carbon credits were traded as an environmental commodity on the voluntary Chicago Climate Exchange in the range of $1.00 and $7.40/t CO 2 e (Chicago Climate Exchange, 2009). We use the midpoint of this range, $4.20/t CO 2 e, for the low market price in the analysis. Because voluntary demand is generally less binding than a mandatory system, this price is relatively low. Prices on the European Union Emissions Trading Scheme (EU ETS), part of the Kyoto Protocol compliance driven market have been much higher, near $35/t CO 2 e in the summer of 2008, but we do not use this value because the ETS does not allow forest carbon in its trading. Instead, we draw upon the analysis of the recently proposed Lieberman-Warner climate change bill (S. 2191), which calls for a federal cap-and-trade program covering the energy, transportation, and industrial sectors with mitigation from the forest sector usable as offset credits for the capped sectors (US EPA, 2008) . This analysis yielded carbon price estimates of about $20 to $30/t CO 2 e. We use $30/t CO 2 e as the upper end of the market price range. In Table 3 , annualized values per hectare for GHG mitigation are calculated to be about $55 for the low market price and over $396 for the high market price.
GHG offset payments in forestry and agriculture are typically modified to account for permanence, additionality, and leakage (Murray et al., 2007) . Permanence reflects the fact that stored carbon could be re-released due, for instance, to harvesting the timber after some time. Seeing that the majority of WRP easements in our study area are permanent, we assume that the converted wetlands will not be harvested and thus we make no adjustment for impermanence. Additionality adjusts for the fact that some of the activity getting credited may have happened anyway without the payment. This is 4 We recognize that replacement cost is conceptually a less-preferred shadow price than a directly estimated WTP value for the service, but unfortunately there are no direct estimates of WTP to draw from. We do believe replacement cost is an empirically valid measure for the region because policies are attempting to take a suite of approaches to achieving certain water quality targets for the region (Mississippi River/Gulf of Mexico Water Nutrient Task Force, 2007). The operative definition of baseline used in service quantification will depend on the standards of the particular ecosystem market. For simplicity, we use cropland as the baseline for both the social and market value estimates.
unlikely in the case of hardwood restoration in the MAV, as afforestation rates are extremely low there without any kind of government inducement. So no further adjustment is made. Leakage means that GHG sequestration services gained in one area are partially compensated by loss in another. This can happen when restoring cropland to wetlands in one place could cause land clearing for agriculture in another. Leakage rates have been estimated at 43% for forest carbon sequestration programs in the south-central region (Murray et al., 2004) . Nevertheless, although ecosystem service values determined here may be offset by leakage elsewhere of the system, perhaps by as much as 20% to 40%, the direct estimation of that leakage effect is outside the scope of this study. Therefore, following the protocol used by the Chicago Climate Exchange for Afforestation Offset projects (Chicago Climate Exchange, 2007), we present the calculated GHG flux values (and all other ES values estimated here) without adjusting for leakage.
Nitrogen Mitigation
Although there are more than 40 nutrient trading programs on the books in the U.S., very few trades have taken place to date (Ribaudo et al., 2008) . As such, the market value under existing markets is essentially zero for N mitigation. Nevertheless, given the substantial interest in nutrient trading and the degraded condition of many of the nation's waterways, it is not implausible that N abatement will gain a market value in the future. Note that the potential market value of the nitrogen mitigation service equals only half of the social value because we assume that a nutrient trading scheme would require a trading ratio of at least 2:1. The most common ratio for trading between point and nonpoint sources is 2:1 (Morgan and Wolverton, 2005) . That is, 2 kg of nitrogen need to be mitigated by landowners for every 1 kg of nitrogen credit generated. Ratios are used in order to reduce the uncertainty involved with nutrient mitigation by nonpoint sources such as farms. Therefore, we estimate an annualized potential market value of $624/ha/year for nitrogen mitigation.
Market Value Summary
In Table 3 , ecosystem service market values are summarized along with the social value. As above, we include the waterfowl recreation value since WRP participants can be seen as producers of the waterfowl habitat and capture a portion of the created value through hunting leases. Using the mean of recent studies on hunting leases in Mississippi, the annual market value estimate for waterfowl recreation is about $15/ha (Hussain et al., 2007; Rhyne and Munn, 2007) .
Given current markets, the market value of ecosystem services is approximately $70/ha/year. This pales in comparison to the estimated social value of $1435 to $1486/ha/year; however, the gap closes to a large degree when one considers potential markets for ecosystem services. At $1035/ha/year, the potential market value is about 70% of the social value and nearly 15 times the market value under existing markets. Nitrogen mitigation is clearly the driver for both of the larger values, comprising 60% of the potential market value and around 85% of the social value.
Comparisons with Costs of Wetland Restoration
To provide context for the above estimates of ecosystem service benefits, we examine the two types of costs related to their provision. The first is the private cost borne by the landowner and the second is the social cost of implementing WRP shouldered by the federal government. We do not attempt to conduct a full cost-benefit analysis, which would imply a complete accounting of all costs and benefits of wetlands restoration. For ease of comparison with the estimated benefits, costs are converted to per-hectare units.
Landowner Perspective
From the perspective of the MAV landowner, the main opportunity cost of wetland restoration is the forgone income from agricultural use of the land. We estimate this cost by considering the net returns from crop production for the three Delta states, which vary substantially by crop type and by year over the period of 1997 to 2005 (USDA ERS). Using the representative agricultural hectare approach described in Section 3.1.2, we find that the annual return for an hectare of crop production in the MAV is $309.
Another relevant source of income for agricultural producers is government payment programs. The 2002 Farm Bill furnishes three types of payments to farmers, of which only the direct payment is provided annually and is independent of the crop cultivated (Ibendahl, 2004) . The provision of the countercyclical and loan deficiency payments hinges on national and county crop prices and is not guaranteed each year. Focusing on the delta region of Mississippi, Anderson and Parkhurst (2004) calculated that the sums of the direct and maximum countercyclical payments per base hectare are $42 for soybeans, $343 for cotton, and $385 for rice. Ibendahl (2008) finds that for three Mississippi counties, expected government payments for cotton and soybeans average $329 and $62/ha, respectively. Applying these values to the representative agricultural hectare approach, we obtain a conservative estimate of about $91/ha.
Using $309 as the value of an hectare for crop production and $91 as the annual government payment subsidy, their sum of $400 represents the estimated annual per-hectare income forgone by a private landowner who opts to enroll acreage in the WRP. Additionally, if the landowner wished to undertake a wetlands restoration on his property without enrolling in a conservation program, one-time costs for afforestation projects in the MAV may run around $680 to $900/ha.
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Assuming that those restoration costs are paid up front, a present value analysis combining foregone agricultural income with the restoration costs over a 30-year horizon yields an annualized value of $455 to $468. Currently the annual market value that could be captured from existing carbon and hunting markets amounts to $70/ha, only about 18% of the net returns from agricultural production. In contrast, the potential market value of GHG mitigation, nitrogen mitigation, and wildlife habitat provision with emerging ecosystem markets is $1035-over two times greater than the restoration opportunity costs. This shows that, without the payments provided by WRP, landowners will not have sufficient economic incentive to undertake wetlands restoration on their properties until markets for environmental services become more fully developed.
Taxpayer Perspective
The principal costs to taxpayers of restoring wetlands via the WRP are the easement payments to landowners and the cost share of the restoration. Easement payments provide compensation to the landowner for forgoing agriculture and are made as a lump sum in the first year of the WRP contract. Under a 30-year easement, the USDA pays up to 75% of the restoration cost, while it covers up to 100% of the cost for a permanent easement (USDA-NRCS, 2007) . The third enrollment option is the restoration cost-share agreement that does not place an easement on the property and in which USDA pays up to 75% of restoration cost. The publically available cost data for the WRP aggregates the annual costs for all three contract options at the state level for 2003 to 2007 (USDA-NRCS, 2008 . From this data, we can derive approximate per-hectare costs incurred by the USDA for each state. The 5-year average across the three Delta states is $2617/ha in 2008 dollars. Since the government is no longer obligated to provide agricultural payments when a farmer enrolls land in WRP, the 30-year discounted present value of the annual subsidy estimated above ($91) should be subtracted from the WRP cost. We use the remainder of $980/ha as the public expenditure or social cost of wetlands restoration in the MAV.
Again considering the values reported in Table 3 , it would only take 1 year for the social benefits of wetlands restoration (∼$1450/ha/ year) to surpass the costs incurred by the government in paying for the WRP. Furthermore, the estimated social benefits represent a lower bound on the total ecosystem value since several ecosystem services are not accounted for in the analysis. We assume constancy of marginal values for ecosystem services here because the scale of WRP activity has been relatively small in the MAV, restoring wetlands on about 3% of the approximately 7 million hectares converted to cropland. If one were to consider the benefits of restoring wetlands on all cropland in the MAV, then marginal values could possibly be non-constant (i.e., varying with quantity of wetlands) and a general equilibrium approach would be more appropriate. Nitrogen mitigation and waterfowl habitat provision are local or regional benefits whose marginal values might be expected to decline with non-marginal increases in wetlands. In contrast, GHG mitigation marginal values would not be expected to change because GHGs are global pollutants and the contribution from the MAV is extremely small in relative terms.
Benefit Aggregation for MAV
The differential distributions of bundled ecosystem service values across the study area counties is reflected in Fig. 7 , a map displaying the value of the three ecosystem services on WRP land for each of the counties. Higher values are represented by progressively darker shades coloring the counties. Spatial variation in values across counties is due both to the amount and location of WRP lands and to the differing agricultural profiles of the counties. Annual MAV-level benefits are approximately $300 million, although 21 of the 67 counties supply 75% of the value.
Conclusions
As public goods, ecosystem services have been traditionally underprovided due to their lack of value in the marketplace. Thus far, government conservation programs such as WRP have sought to increase the flow of these services, and they have attained a certain level of success, as this analysis demonstrates. However, increasing recognition of the importance of healthy ecosystems to human welfare creates the potential for new economic opportunities in the form of private ecosystem markets. Policymakers and business entrepreneurs need good information on the economic value of ecosystem services to guide their programs and market development efforts. This paper begins to address that need.
The Mississippi Alluvial Valley is a particularly rich ecosystem that has undergone massive change in the last 100 years and has been a recent target of restoration efforts. To examine ecosystem service values from WRP restoration in this region, we combined field data collection with secondary data collection and then linked these data with process models to calibrate expected change in those values. Unlike many other ecosystem service studies that have used topdown, landscape-level approaches, we implemented a bottom-up integration of ecosystem service function measurements, environmental modeling, and economic valuation. Additional data, currently unavailable, could enable us to build more spatial refinements into this approach, thereby capturing more accurately the heterogeneity inherent in ecosystem service production and valuation.
Focusing on three services-GHG mitigation, nitrogen mitigation, and waterfowl habitat-we estimated a lower bound for the economic value to society of restoring wetlands in the MAV. With more scientific evidence on the ecological benefits of these actions and corresponding emergence of new ecosystem service markets, that value will likely grow as currently unmonetized services, such as floodwater storage, gain their own price tags. Considering the lower bound estimate, this study's findings suggest that restoring wetlands in MAV has a social value well above the alternative use in agriculture. The largest benefits are found to flow from nitrogen mitigation, followed by GHG mitigation. Nevertheless, absent expanded public programs or new ecosystem service markets to deliver payments, landowners are being economically rational by keeping most of this land in agriculture, which currently has a higher market return. As a result, some mix of expanded payments from the public or private sector would appear to be warranted to incentivize continued wetlands restoration at a net benefit to society.
From the taxpayer perspective, the social benefits of restoring wetlands via WRP substantially exceed social costs, as the public investment pays for itself in enhanced ecosystem services in only 2 years. Again, these benefit estimates do not include other services that do not presently have a clear monetary value, but may in the future. Given the considerable surplus in conservation effects generated by WRP payments, there could be substantial opportunity for mitigation markets in the region to supplement, or possibly even replace, conservation program payments.
